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d Institute of Environmental Sciences, Leiden University, PO Box 9518, 2300 RA, The Netherlands
e ETH Zurich, Institute of Environmental Engineering, 8093 Zurich, Switzerland
f European Commission, Directorate General Joint Research Centre (JRC), Institute of Environment and Sustainability (IES), Ispra, Italy
g Department of Bioproducts and Biosystems Engineering, College of Agriculture, Food and Natural Resource Sciences, 1390 Eckles Avenue, St. Paul, MN 55108, USA

a r t i c l e i n f o

Article history:
Received 11 October 2008
Received in revised form
22 May 2009
Accepted 19 June 2009
Available online 29 August 2009

Keywords:
Life Cycle Assessment
LCA
Strategic Environmental Assessment
Risk assessment
LCC
Ecological footprint
Exergy analysis
Valuation
Weighting

a b s t r a c t

Life Cycle Assessment is a tool to assess the environmental impacts and resources used throughout
a product’s life cycle, i.e., from raw material acquisition, via production and use phases, to waste
management. The methodological development in LCA has been strong, and LCA is broadly applied in
practice. The aim of this paper is to provide a review of recent developments of LCA methods. The focus is
on some areas where there has been an intense methodological development during the last years. We
also highlight some of the emerging issues. In relation to the Goal and Scope definition we especially
discuss the distinction between attributional and consequential LCA. For the Inventory Analysis, this
distinction is relevant when discussing system boundaries, data collection, and allocation. Also high-
lighted are developments concerning databases and Input–Output and hybrid LCA. In the sections on Life
Cycle Impact Assessment we discuss the characteristics of the modelling as well as some recent devel-
opments for specific impact categories and weighting. In relation to the Interpretation the focus is on
uncertainty analysis. Finally, we discuss recent developments in relation to some of the strengths and
weaknesses of LCA.

� 2009 Elsevier Ltd. All rights reserved.

1. Introduction

Climate change and other environmental threats have come
more into focus during the last years. In order to meet these chal-
lenges, environmental considerations have to be integrated into
a number of different types of decisions made both by business,
individuals, and public administrations and policymakers (Nilsson
and Eckerberg, 2007). Information on environmental aspects of
different systems is thus needed, and many tools and indicators for
assessing and benchmarking environmental impacts of different
systems have been developed (e.g., Finnveden and Moberg, 2005;
Ness et al., 2007). Examples include Life Cycle Assessment (LCA),

Strategic Environmental Assessment (SEA), Environmental Impact
Assessment (EIA), Environmental Risk Assessment (ERA), Cost-
Benefit Analysis (CBA), Material Flow Analysis (MFA), and Ecolog-
ical Footprint. In this paper, the emphasis is on LCA, but we will
also address its influences from ERA, ecological footprint, etc. and
vice-versa.

Life Cycle Assessment is a tool to assess the potential environ-
mental impacts and resources used throughout a product’s life-
cycle, i.e., from raw material acquisition, via production and use
phases, to waste management (ISO, 2006a). The waste manage-
ment phase includes disposal as well as recycling. The term
‘product’ includes both goods and services (ISO, 2006a). LCA is
a comprehensive assessment and considers all attributes or aspects
of natural environment, human health, and resources (ISO, 2006a).
The unique feature of LCA is the focus on products in a life-cycle
perspective. The comprehensive scope of LCA is useful in order
to avoid problem-shifting, for example, from one phase of the
life-cycle to another, from one region to another, or from one
environmental problem to another.
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The interest in LCA grew rapidly during the 1990s, also when the
first scientific publications emerged (e.g., Guinée et al., 1993a,b). At
that time LCA was regarded with high expectations but its results
were also often criticized (e.g., Udo de Haes, 1993; Ayres, 1995;
Ehrenfeld, 1998; Krozer and Viz, 1998; Finnveden, 2000). Since then
a strong development and harmonization has occurred resulting
in an international standard (ISO, 2006a,b), complemented by
a number of guidelines (e.g., Guinée et al., 2002) and textbooks
(Wenzel et al., 1997; Baumann and Tillman, 2004). This has
increased the maturity and methodological robustness of LCA. The
method is still under development, however. There are also several
ongoing international initiatives to help build consensus and
provide recommendations, including the Life Cycle Initiative of
the United Nations Environment Program (UNEP) and the Society
of Environmental Toxicology and Chemistry (SETAC; UNEP, 2002),
the European Platform for LCA of the European Commission
(2008b), and the emerging International Reference Life Cycle Data
System (ILCD).

Sustainability assessment of products or technologies is nor-
mally seen as encompassing impacts in three dimensions – the
social, the environmental, and the economic (Elkington, 1998). On
all the three a life cycle perspective is relevant to avoid problem
shifting in the product system. With inspiration from environ-
mental LCA, work has started on the development of methods
for social LCA, and under the UNEP/SETAC Life Cycle Initiative, a
project group is working on this topic (Grießhammer et al., 2006).
Jørgensen and co-workers give a review of the state-of-the-art for
social LCA (Jørgensen et al., 2008). Also Life Cycle Costing (LCC) is
being developed as a method on its own. A recent overview was
provided by SETAC (Hunkeler et al., 2008). The integration of the
three sustainability dimensions is analysed and discussed in, for
example, the EU 6th Framework Co-ordination Action for innova-
tion in Life-Cycle Analysis for Sustainability (CALCAS, 2009) and the
EU 7th Framework project Development and application of a stan-
dardized methodology for the PROspective SUstaInability assess-
ment of TEchnologies (PROSUITE; Patel, 2009). This paper, however,
focuses on environmental LCA.

There are four phases in an LCA study: Goal and Scope Defini-
tion, Life Cycle Inventory Analysis (LCI), Life Cycle Impact Assess-
ment (LCIA), and Interpretation. The Goal and Scope Definition
includes the reasons for carrying out the study, the intended
application, and the intended audience (ISO, 2006a). It is also the
place where the system boundaries of the study are described and
the functional unit is defined. The functional unit is a quantitative
measure of the functions that the goods (or service) provide. The
result from the LCI is a compilation of the inputs (resources) and
the outputs (emissions) from the product over its life-cycle in
relation to the functional unit. The LCIA is aimed at understanding
and evaluating the magnitude and significance of the potential
environmental impacts of the studied system (ISO, 2006a). In the
Interpretation, the results from the previous phases are evaluated
in relation to the goal and scope in order to reach conclusions and
recommendations (ISO, 2006a).

The aim of this paper is to provide a review of recent develop-
ments in LCA methodology. We build upon previous reviews (e.g.,
Rebitzer et al., 2004; Pennington et al., 2004). Our focus is on areas
with significant methodological development during the last years.
We also highlight some of the emerging issues. In relation to the
Goal and Scope Definition, we especially discuss the distinction
between attributional and consequential LCA (Section 3). This
distinction is relevant, for example, when defining system bound-
aries in the LCI which is further discussed in Section 5. The use of
scenarios in LCA is discussed in Section 4. We also highlight
developments concerning databases and input–output and hybrid
LCA in Section 6. In the sections on LCIA (Sections 7 and 8) we

discuss the characteristics of the modelling as well as some recent
developments for specific impact categories (including spatial
differentiation, toxicity, indoor air pollution, and impacts from use
of land, resources, and water) and weighting. In relation to the
interpretation we focus on uncertainty analysis (Section 9). Finally,
we discuss these developments in relation to some of the strengths
and weaknesses of LCA. First, however, some characteristics of LCA
are elaborated in Section 2.

2. Some characteristics of Life Cycle Assessment vis-à-vis
other environmental assessment tools

The focus on a product system in Life Cycle Assessment has
some important implications for the nature of the impacts, which
can be modelled in LCA:

� The product system is extended in time and space, and
the emission inventory is often aggregated in a form which
restricts knowledge about the geographical location of the
individual emissions (this is further discussed in Section 8.3).
� The LCI results are also typically unaccompanied by informa-

tion about the temporal course of the emission or the resulting
concentrations in the receiving environment.
� The functional unit of the LCA refers to the assessment of an

often rather small unit. The emissions to air, water, or soil in the
inventory are determined as the functional unit’s proportional
share of the full emission from each process. The LCIA thus has
to operate on mass loads representing a share (often nearly
infinitesimal) of the full emission output from the processes.

The impacts, which can be calculated under such boundary
conditions, thus represent the sum of impacts from emissions
released years ago, from emissions released today and from emis-
sions released some time in the future. Further, these impacts hit
different ecosystems in different parts of the world. In the real
world, environmental effects arise at a specific point in time and
space and are often a function of the background pollution level. In
LCA we have no knowledge about the simultaneous emissions from
other processes outside the product system, which expose the
same ecosystem/human cohorts, and no information about the
background concentration of other substances in the system; LCA is
thus no substitute for (Environmental) Risk Assessment. Instead,
the results from the LCIA reflect the potential contributions to
actual impacts or risks pending on the relevance and validity of the
reference conditions assumed in the underlying models (Olsen
et al., 2001; Hauschild, 2005; Tiruta-Barna et al., 2007).

LCA covers a diversity of environmental impacts and may
include comparison across impact categories. It can therefore be
argued that modelling should ideally be done with the same degree
of realism for every impact to avoid introducing bias in the
comparisons between categories. On this background, LCA aims for
a comparable way of assessing impacts. This is often interpreted as
aiming for best estimates in the modelling of all impacts. This can
be in contrast to other tools, e.g., chemical risk assessment, where
the first tiers will adopt a typically conservative approach applying
realistic worst case estimates in order to be on the safe side in
identifying situations posing potential risks of toxic effects above
agreed thresholds (Hauschild and Pennington, 2002).

The quest for best estimates in modelling can bring LCIA into
a potential conflict with the precautionary principle, which states
that where there are threats of serious or irreversible damage, lack
of full scientific certainty shall not be used as a reason for post-
poning cost-effective measures to prevent environmental degra-
dation (United Nations, 1992). In case of insufficient knowledge, the
precautionary principle thus sanctions a conservative approach if
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the damage can be irreversible or serious in other ways. However,
if best estimate modelling is used, risks for irreversible or other
serious damages may be overlooked if, for example, they are not
included in the best estimate models. This potential conflict with
the precautionary principle can partially be overcome by adopting
different social perspectives in LCIA (Hofstetter, 1998) and in the
weighting step by assigning higher weights to those impacts where
precautionary considerations justify it.

3. Attributional and consequential LCA

In the Goal and Scope Definition, questions or hypotheses
should be formulated. This is an important phase since the
appropriate LCA method depends on the purpose of the individual
study (Consoli et al., 1993). Many attempts have been made to
describe when different types of LCA are appropriate. We distin-
guish between two types of methods for LCA: attributional and
consequential LCA. Attributional LCA is defined by its focus on
describing the environmentally relevant physical flows to and from
a life cycle and its subsystems. Consequential LCA is defined by its
aim to describe how environmentally relevant flows will change in
response to possible decisions (Curran et al., 2005). Similar
distinctions have been made in several other publications (Ekvall,
1999), but often using other terms to denote the two types of LCA
(such as descriptive versus change-oriented) and sometimes
including further distinctions of subcategories within the two main
types of LCA (Guinée et al., 2002).

Lundie et al. (2007a) argue that consequential LCA should be
used for decision-making, but not when the difference between
consequential and attributional LCA results is small, and not when
the uncertainties in the consequential modelling outweigh the
insights gained from it. When no decision is at hand, attributional
LCA should be used because it is the more broadly applied method
and because modelling consequences of decisions is somewhat
pointless when no decision is at hand, according to Lundie et al.
(2007a). Similar arguments have been presented by other authors
(e.g., Tillman, 2000).

Weidema (2003) agrees that consequential LCA is more relevant
for decision-making; however, he argues that it is also more rele-
vant for increasing the understanding of the product chain and for
identifying the processes and relations most important to improve.
When a consequential LCA is applied for this purpose, Weidema
(2003) argues that it generates a good basis for generating ideas on
improvements.

Ekvall et al. (2005), on the other hand, argue that attributional
and consequential LCA can both be used for decision-making and
also for learning purposes. Consequential LCA is valid to assess
environmental consequences of individual decisions or rules.
Attributional LCA, on the other hand, is valid for the purpose of
avoiding connections with systems with large environmental
impacts. According to Ekvall et al. (2005) both of these purposes are
legitimate.

As stated by several authors (e.g., Ekvall et al., 2005; Sandén and
Karlström, 2007), attributional and consequential LCA can both be
applied for modelling of future systems. Both can also be applied for
modelling of past or current systems. Some recent case studies have
been made using both attributional and consequential methods on
the same product (Ekvall and Andrae, 2006; Thomassen et al.,
2008) to illustrate the applicability of both approaches.

The different focuses of attributional and consequential LCA are
reflected in several methodological choices in LCA (Tillman, 2000).
One is the choice between average and marginal data in the
modelling of subsystems of the life cycle. Average data for a system
are those representing the average environmental burdens for
producing a unit of the good and/or service in the system. Marginal

data represent the effects of a small change in the output of goods
and/or services from a system on the environmental burdens of
the system. Attributional LCA excludes the use of marginal data.
Instead, some sort of average data reflecting the actual physical
flows should be used. On the other hand, in consequential LCAs
marginal data are used when relevant for the purpose of assessing
the consequences (Ekvall and Weidema, 2004). The decision to use
marginal data can be significant for the modelling of electricity
production, but also for land use (Kløverpris et al., 2008), pulpwood
production (Åström, 2004), and many other products.

Different types of marginal effects can be included in a conse-
quential LCA. Short-term effects are changes in the utilisation of the
existing production capacity in existing production plants. Long-
term effects involve changes in the production capacity and/or
technology (Weidema et al., 1999). Energy systems analyses typi-
cally focus on the short-term effects. Weidema et al. (1999) suggest
that the choice should be decided case by case, but states that the
long-term effects are relevant in most cases. They present a five-
step procedure to identify the long-term marginal technology.

Other authors argue that the most complete description of the
consequences is obtained if short- and long-term effects are both
accounted for (Eriksson et al., 2007). The combination of short- and
long-term marginal effects in the Nordic electricity system has, for
example, been investigated using a cost-optimizing dynamic model
of this system (Mattsson et al., 2003). The results illustrate the
potential complexity in the marginal effects and the large uncer-
tainties involved in their identification. If a decision affects the
timing of an investment in a power plant, it is also likely to affect
the point in time where the power plant is taken out of use, the
timing of the investment made to replace the first plant, and so on
in a chain of cause-and-effect that do not seem to have an end. A
decision can affect the production systems, at the margin, very far
into the future. The uncertainty in the marginal effects grows with
the time horizon. If an LCA includes marginal effects that occur far
into the future, the uncertainty added can be larger than marginal
effect itself.

The sphere of influence of a decision-maker includes not only
the production of upstream products. It also includes, for example,
the use of the upstream processes in other life cycles, the waste
management of other products, and the level of economic activity
in the society. Here we will briefly discuss such negative and
positive feedback mechanisms, and also impacts on future
resource uses.

A reduced use of a material, energy flow, etc. in a life cycle
affects the balance between supply and demand for the good,
which can increase the use of this good in other product systems.
This is a negative feedback mechanism, since it offsets part of the
initial change (Sandén and Karlström, 2007). Partial equilibrium
analysis (Friedman, 1976; Weidema, 2003; Ekvall and Weidema,
2004; Lundie et al., 2007a) can quantify these effects in a conse-
quential LCA, as demonstrated by Ekvall (2000), Ekvall and Andrae
(2006), and Lesage et al. (2007a,b). Kløverpris et al. (2008) used
a general equilibrium model to investigate how the global supply
and use of arable land might be affected by a regional increase in
cultivation.

If the efficiency measures are profitable, the savings in costs
make it possible to increase the total economic activity. Such an
increase results in a demand for the resource that – partly or
completely – offsets the savings obtained through the original
change. The increased economic activity is, of course, also likely to
increase the demand for other resources. Valuable insights into
such rebound effects can be generated through a general equilib-
rium model (Ibenholt, 2002).

Another rebound effect occurs when households gain money
from choosing a cheaper product alternative. The consumption of
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a product is likely to increase when it grows cheaper, but part of the
money saved is likely to be spent on other goods and services.
Thiesen et al. (2008) used statistical data on private consumption in
different income groups to estimate on what Danish households
would spend the residual money in such a case. Weidema et al.
(2008) used the environmental impacts of average consumption in
EU-27 as a proxy for the impacts of marginal consumption in EU-27
countries.

Similar rebound effects can occur if the option chosen requires
less time (in person-hours) or less space than the alternative
options (Spielmann et al., 2008; Weidema et al., 2008).

If a decision is made to invest in an emerging technology, this
contributes to the development of the technology and is likely to
contribute to reducing the manufacturing cost of the equipment
(Wright, 1936). Increased experience from manufacturing is also
likely to improve the technological performance of the equipment
(Claeson, 2000). The improved technology and reduced manu-
facturing costs both make the equipment easier to sell to other
manufacturers. In this sense, the investment made by the first
manufacturer makes it more likely that other manufacturers will
make similar investments. This is a positive feedback mechanism. It
might result in a snowball effect (Ekvall et al., 2006) and, eventually,
in a radical change in the system. If the emerging technology has
substantially lower environmental impacts than the traditional
technologies, it can result in dramatically reduced environmental
impacts (Sandén and Karlström, 2007). This positive feedback
mechanism is apparently sometimes important to include in
consequential LCAs. Sandén and Karlström (2007) did this by allo-
cating the expected environmental gain of fuel cell buses to the
learning investments in this technology. A more advance and, at least
in theory, accurate method to model the consequences of an indi-
vidual investment is to use systems models that include experience
curves (Mattsson, 1997; Ekvall et al., 2006). There are also other
positive feedback mechanisms discussed by Hertwich (2005a).

The current use of non-renewable resources may have the effect
that future generations will have to use other resources with other
environmental impacts (Stewart and Weidema, 2005). This has
been the basis for several LCIA methods for resources (e.g., Steen,
1999; Goedkoop and Spriensma, 2000). However, as argued by
Weidema et al. (2005), if current resource use leads to changes in
the environmental interventions of future extractions, this should
be modelled in the Inventory Analysis, at least in a consequential
LCA, and not in the LCIA. If this is done, it will also lead to
a discussion on the time issues in parallel to time in relation to
landfilling discussed below (Section 5). It is, however, clear that the
inclusion of future impacts from future resource uses as a conse-
quence of current resource uses could have a significant impact on
the results from the LCA.

The choice between attributional and consequential LCA will
also influence system boundaries related to allocation (see Section 5)
and can influence other methodological choices, such as the defi-
nition of functional unit (Rebitzer et al., 2004) and the choice of
LCIA methods.

The environmental consequences of a decision apparently
depend on a variety of environmental, technological, and economic
mechanisms. Different concepts, approaches, and models have
been developed to describe and analyse different mechanisms. No
single person is an expert on all tools. For this reason, a compre-
hensive consequential LCA may require not only a combination of
tools but also a combination of experts. The following procedure
can be useful to deal with the scientific and administrative
complexity involved (Ekvall et al., 2006):

1. make a preliminary list of the foreseeable types of conse-
quences that are potentially important for the environment;

2. discuss which, if any, of the foreseeable consequences that
should be quantified;

3. identify tools that are adequate to analyse and quantify each of
these consequences;

4. create a network of experts on each of the tools that can
participate in the consequential LCA;

5. analyse and describe the separate consequences; and
6. make a synthesis of the descriptions that describe the full

quantifiable consequences of the decision.

The discussion in Step 2 should account for the costs as well as
the benefits of quantifying each consequence. It would typically be
based on qualitative judgement, but ideally on detailed cost-benefit
analyses of the available methodological approaches. Such
‘‘method cost-benefit analyses’’ should be undertaken at a generic
level but utilising experience from specific case studies as input
(Lundie et al., 2007a).

A consequential LCA is likely to be conceptually complex,
because it includes additional, economic concepts such as marginal
production costs, elasticity of supply and demand, etc. Some of the
models used in the analysis are also much less transparent than
the linear and static model of a traditional LCA. Their results can
also be very sensitive to assumptions, etc. (see, e.g., Mattsson et al.,
2003). All these add to the risk that inadequate assumptions or
other errors significantly affect the final LCA results. To reduce this
risk, it is important to ensure that the various results regarding
different consequences (Step 5) can be explained using credible
arguments (again, see Mattsson et al., 2003).

The distinction between attributional and consequential LCA is
one example of how choices in the Goal and Scope Definition of
an LCA should influence methodological and data choices for the
LCI and LCIA phases. There are also other choices which are of
relevance. Guinée et al. (2002) make a similar distinction in types
of LCA modelling but start by distinguishing three main types of
questions, related to three main types of decision: occasional
choices (concerning one-off fulfilment of a function), structural
choices (concerning a function that is regularly supplied), and
strategic choices (on how to supply a function for a long or even
indefinite period of time). These different types of decisions may
require different types of modelling (attributional or consequential)
and different types of data, since they have different scales in terms
of time and impacts.

4. Scenarios

In many applications, it is relevant to model future systems. This
may, for example, be the case for consequential LCA where the
impacts of a future possible decision are assessed, or in attribu-
tional LCAs aiming at assessing future technologies or systems.
Whenever the systems that are modelled are future systems,
a decision must be made on how to model the future. An easy way
is of course to assume that the future is like the present and then
model the present system. Sometimes this may be a good
assumption. In other cases it may be more adequate to elaborate
other future scenarios.

There are different types of scenarios (Weidema et al., 2004;
Börjeson et al., 2006). Börjeson et al. (2006) suggest a typology
based on the types of questions that are aimed at answering:

� Predictive scenarios aim at answering the question: What will
happen?
� Explorative scenarios aim at answering the question: What can

happen?
� Normative scenarios aim at answering the question: How can

a specific target be reached?
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Different techniques can be used to develop the different types
of scenarios including workshops, time series modelling, and
optimizing modelling resulting in both quantitative and qualitative
scenarios (Börjeson et al., 2006).

All the different types of scenarios can be of interest in combi-
nation with LCA (Höjer et al., 2008). Predictive scenarios are useful,
for example, for electricity production and other background
processes in LCAs. If the time period is longer and the uncertainty in
the forecasts increases, it may be useful to include several explor-
ative scenarios, which together describe possible future develop-
ments of, for example, the energy systems (cf. Finnveden, 2008).
This can be regarded as a special type of uncertainty analysis (cf.
Section 9). Several studies on waste management systems have, for
example, included explorative scenarios for the fuels that are
competing with solid waste as a fuel, an aspect that may be decisive
for the results of waste management LCAs (Björklund and
Finnveden, 2005). Explorative scenarios have also been used in, for
example, energy (Eriksson et al., 2007) and transportation studies
(Spielmann et al., 2005). A normative scenario can be used in LCA as
an explorative scenario describing what can happen. However, it
may also be interesting to use LCA in normative scenario studies,
for example, to evaluate environmental impacts in different back-
casting scenarios (Höjer et al., 2008).

5. System boundaries and allocation

There are three major types of system boundaries in the LCI
(Guinée et al., 2002):

� between the technical system and the environment,
� between significant and insignificant processes, and
� between the technological system under study and other

technological systems.

Sometimes time and geographical limits are mentioned as
system boundaries. However, these can be seen as special cases of
boundaries towards the environment or towards other technolog-
ical systems (see below).

In relation to the system boundary between the technical system
and the environment, it can be noted that an LCA should cover the
entire life cycle, although, e.g., cradle-to-gate studies can be called
partial LCAs. Thus, the inputs should ideally be traced back to raw
materials as found in nature. For example, crude oil can be an input
to the life cycle, but not diesel oil since the latter is not found in
nature but produced within the technical system. In parallel, the
outputs should ideally be emissions to nature. Inputs to the system
that have been drawn from the environment without previous
human transformation and outputs released to the environment
without subsequent human transformations are both called
‘‘elementary flows’’ in the ISO standard (ISO, 2006a).

In many cases, the system boundary between the technical
system and the environment is obvious. However, when the life
cycle includes forestry, agriculture (Audsley et al., 1994; Wegener
Sleeswijk et al., 1996; Guinée et al., 2002), emissions to external
wastewater systems, and landfills, the system boundary needs to be
explicitly defined.

At landfills, the system boundary towards the environment can
have a time dimension. It is generally accepted that the emissions
from the landfill, in terms of gas and leachate, should be regarded
as an output from the system, but not the waste itself (Finnveden
et al., 1995). In practice this may sometimes be difficult due to lack
of data on emissions from landfilling of the wastes. Furthermore,
emissions from landfills can continue for very long time periods,
thousands of years or longer, and the environmental impact of the
pollutants might be different if they are emitted slowly. When

modelling emissions from landfills different researchers have used
different system boundaries in terms of time (e.g., Doka and
Hischier, 2005; Obersteiner et al., 2007). Some have included
emissions during 100 years or less based on legal responsibility
limits, others during a hypothetical infinite time period until all
the materials from the landfill have been emitted. The inclusion of
long-term emissions and their weighting compared to short-term
emissions can have an importance for the final results (e.g.
Hellweg et al., 2003b). One solution to this problem can be to
model both short-term emissions (for example, substances
emitted during the first 100 years) and long-term emissions, and
present the results separately (Finnveden et al., 1995). An alter-
native solution is to include an impact category called ‘‘stored
toxicity’’ which keeps account of the amount of the toxic loads
that are left in the waste at the end of the chosen time period
(Christensen et al., 2007; Hauschild et al., 2008b). In both the
cases, the problem of weighting impacts on different time-scales
against each other remains.

The system boundary between significant and insignificant
processes is difficult since it is generally not known in advance what
data are insignificant. Moreover, once you know the data for a
process, there is no specific reason to leave it out. A general
approach can be to include easily accessible data, check the
importance of the data, and refine if necessary and possible
(Lindfors et al., 1995) performing the LCI and LCIA in iterative loops
until the required precision has been achieved. The possibilities
for doing this have increased with the development of better
databases and the use of input–output analysis, both discussed
below. Accumulated experience of, for example, the importance of
capital goods (Frischknecht et al., 2007) also helps in separating
significant from insignificant processes.

An LCA is often restricted to a product that is produced and/or
used in a specific geographical area during a specific time period.
It can also be limited to a specific production technology or to
a level of technology (e.g., best available technology). The system
boundary towards other technological systems also has to be defined,
for example, when the LCA includes the so-called multi-functional
processes. These occur when a process is shared between several
product systems, and it is not clear to which product the environ-
mental impacts should be allocated. There are three types of allo-
cation problems: multi-output (in which a process produces several
products; e.g., a refinery), multi-input (in which one process
receives several waste products; e.g., a waste incinerator), and
open-loop recycling (in which one waste product is recycled to
another product; e.g. a used newspaper that is incinerated and the
energy recovered as heat and electricity). Allocation is one of the
most discussed methodological issues in LCA (e.g., Weidema, 2003;
Ekvall and Finnveden, 2001; Curran, 2007; Heijungs and Guinée,
2007; Lundie et al., 2007a).

There are two principally different ways of handling multi-
functional processes. One is to allocate (partition) the environ-
mental impacts between the products. This can be done on the
basis of several principles such as physical and chemical causation
or economic value, or on an arbitrary choice of a physical parameter
such as energy or mass. Both the allocations based on physical
causation and on an arbitrary choice can result in an allocation
based on a physical parameter. The difference lies in the reasons for
choosing the parameter. Allocation based on physical causation is
not always possible, since there is not always a physical causation
involved. One example is the production of chlorine and sodium
hydroxide which is done in an electrochemical process where the
products are produced in fixed and stoichiometric amounts. In this
case, the allocation cannot be based on physical or chemical
causation because the ratio between produced chlorine and sodium
hydroxide cannot be changed. Since allocation based on physical
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causation is not always possible, any claim that it is based on
physical causation should be substantiated.

The other principle to approach the allocation problem is to
avoid it by dividing the processes into subprocesses or expanding
the system boundaries and include affected parts of other life cycles
in the technological system under study (Tillman et al., 1994). For
example, consider an LCA of waste management of newsprint in
which incineration with energy recovery is compared to landfilling
without gas extraction. In the approach with expanded system
boundaries the emissions from the incineration are included in the
product system, but an alternative competing source for energy is
also included in the landfilling system so that both the systems
fulfil the same functions (Tillman et al., 1994). In a variant of this, it
is assumed that the energy from the newsprint incineration
replaces energy from the competing source, which thus is avoided.
The environmental impacts from the competing energy source are
then subtracted from the environmental impacts from incineration
of the waste paper. In this way the incineration system is credited
for also producing heat and/or electricity. This form of resolving the
multi-functionality problem is often referred to as the substitution
by system expansion or avoided burden method.

The international standard (ISO, 2006b) gives some guidance
on how to handle allocation problems. It states that whenever
possible, subdivision or system expansion should be used to avoid
allocation problems. If that is not possible, an allocation reflecting
the physical (or chemical or biological) causations should be used if
possible, and finally, if that is not feasible, allocation based on other
measures, such as economic value (Guinée et al., 2004), mass, or
energy, may be used. Lundie et al. (2007a) observe that the last
option is still the most commonly applied. They also argue that
system expansion does not eliminate allocation problems because
new allocation problems are likely to occur when the system is
expanded. Heijungs and Guinée (2007) argue that system expan-
sion is impractical because of the large uncertainties involved and
the lack of data on what is avoided. Weidema (2003), on the other
hand, aims to demonstrate that system expansion is always
possible. He also argues that the approach is likely to eliminate
allocation problems because the new allocation problems that
occur are likely to be less important than the original problems and
can, eventually, be disregarded.

The ISO procedure has been criticized because it does not account
for the dependency between the method and the goal of the LCA
(e.g., Ekvall and Finnveden, 2001). The distinction between attri-
butional and consequential LCAs above is, for example, significant in
this context. The system boundaries in a consequential LCA are
defined to include the activities contributing to the environmental
consequences of a change, regardless of whether these are within or
outside the cradle-to-grave system of the product investigated.
Allocation problems may then often be avoided, as expanding the
system boundaries to include affected processes outside the cradle-
to-grave system is already an inherent part of a consequential LCA
(Ekvall and Finnveden, 2001; Ekvall and Weidema, 2004). Weidema
(2003) argues that all the allocation problems in consequential LCAs
should be avoided through system expansion.

In contrast, for attributional LCA, allocation (partitioning) is often
considered to be the correct method (Weidema, 2003; Lundie et al.,
2007a; Thomassen et al., 2008). However, system expansion may
also be used for attributional studies, if the concept of LCA is inter-
preted to be a tool not only for investigating individual life cycles but
also for combinations of life cycles. To continue the example of waste
management of newsprint given above, an attributional study may
be performed using expanded system boundaries. In parallel to
a consequential study, this would imply having two functional units
in the expanded system (waste management and production of heat
and/or electricity), but only one functional unit in the case of

substitution by system expansion. The major difference between an
attributional and a consequential study in this case is the type of
data used. A consequential study would often use marginal data,
whereas an attributional study typically would use average data.

With a more narrow interpretation of the LCA concept, where an
LCA is a study of one product’s life cycle only, it may be argued that
a study that is using expanded system boundaries, giving it several
functional units, should not be called an LCA at all. Instead such
a study could be called an environmental systems analysis using
LCA methodology.

The system boundary between the technological system under
study and other technological systems is affected in various other
ways by the choice of doing a consequential LCA (see Section 3).

6. Inventory database development and specific tools

6.1. Database development

An LCI requires a lot of data. Setting up inventory data can be
one of the most labour- and time-intensive stages of an LCA. This is
often challenging due to the lack of appropriate data for the product
system under study (e.g., for chemicals production). In order to
facilitate the LCI and avoid duplication in data compilation, many
databases have therefore been developed in the last decades. These
include public national or regional databases, industry databases,
and consultants’ databases that are often offered in combination
with LCA software tools.

National or regional databases, which evolved from publicly
funded projects, provide inventory data on a variety of products
and basic services that are needed in every LCA, such as raw
materials, electricity generation, transport processes, and waste
services as well as sometimes complex products. Several national
and international public databases have been released in the past,
among them the Swedish SPINE@CPM database (CPM, 2007), the
German PROBAS database (UBA, 2007), the Japanese JEMAI data-
base (JEMAI, 2007; Narita et al., 2004), the US NREL database (NREL,
2004), the Australian LCI database (RMIT, 2007), the Swiss ecoin-
vent database (Ecoinvent, 2007), and the European Reference Life
Cycle Database (ELCD) (European Commission, 2007a). Further
databases are currently under development all over the world, for
example, in Brazil, Canada, China, Germany, Malaysia, Thailand, and
other countries.

Complementary to public LCA/LCI databases, and often a major
source of their data, numerous international business associations
worldwide have created their own inventory datasets as a proactive
effort to support the demand for first-hand industry data. Among
others, life cycle inventories are available from the aluminium
(EAA, 2007), copper (Deutsches Kupferinstitut, 1995; Bruch et al.,
1995), iron and steel (IISI, 2007), plastics (APME, 2007), and paper
and board (FEFCO, 2006) industries, covering a wide range of
economic activities from extraction of, for example, metal
resources to the manufacturing of combinations of materials such
as metals alloys and currugated board.

Some databases, such as the ecoinvent and the US NREL data-
bases, provide also data modules used to build inventories on
a disaggregated unit-process level (e.g., for a chemical processing
facility with multiple products such as a refinery). This means that
the inputs and outputs are recorded per production step, in addi-
tion to aggregated data sets (e.g., cradle-to-gate). In contrast, many
other databases, such as most of the databases provided by industry
associations, supply inventory data as already-aggregated results
(such as cradle-to-gate sub-systems), which specify the elementary
flows (resource expenditures, emissions, and wastes) aggregated
for all processes involved, for example, per mass unit of product
manufactured.
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Both aggregated and unit-process data sets are useful for
modelling processes in LCA. Aggregated data can be, in particular
with regard to industry data, more readily available, as company
confidentiality may be guaranteed. Such data are often used as
background data for modelling the production of, e.g., aluminium,
steel, electricity, etc., where the practitioner typically does not
know the exact source of the material or energy except possibly the
region or market. This is particularly the case for globally traded
products. The usefulness of aggregated industry data is sometimes
discussed, however. Whereas some argue that such data are more
reliable and representative, others would caution against hidden
biases and missing transparency, suggesting the importance of
ensuring the quality of such data.

Unit process data, in contrast to average data, often refer to
specific technologies. This provides the possibility for tailored
inventories, choosing the technologies that are in place in the case
investigated, and allowing the study to focus on, for example, best
available technologies and different mixes. This is particularly
useful when a specific chain of processes is being considered and
for foreground data where there is a good knowledge of what
technologies are used. Furthermore, unit process data allow the
LCA practitioner to review underlying details of the process data
and methodological choices, make changes in an inventory such as
for the energy mix used, and sometimes even to choose another
allocation principle.

The majority of database systems are based on average data
representing average production and supply conditions for goods
and services, and thus employ the attributional modelling
approach. Quality and consistency are key issues related to inven-
tory data. While within specific databases, these are ensured to
some extent, across databases there can exist significant differ-
ences. This includes data documentation (e.g., different data
formats), modelling approaches (e.g., consideration of capital
goods, allocation procedures), and nomenclature of flows and
environmental exchanges denoted in the inventories. Bridging
these differences to ensure the efficient exchange of data is one of
the challenges in the field of LCA.

The UNEP/SETAC Life Cycle Initiative (UNEP, 2002) and the
International Reference Life Cycle Data System (ILCD) (European
Commission, 2008b) are trying to address inventory data, among
other things, in the contexts of consistency and quality assurance
building on existing examples and achievements, e.g., the ISO TC
14048. Another and complementary approach to help support
the exchange of data amongst the many LCA tools and databases
in current practice is a format conversion tool, to convert LCA
data formats from one to another (e.g., Ciroth, 2007; Format
Converter, 2008).

6.2. Tools for modelling subsystems and unit processes

There are a number of commercially available softwares for LCA.
A registry of LCA tools (including software) and database providers
is available from the EC.1 LCA software typically includes some of
the databases mentioned above as well as others. Yet, more specific
processes, such as the production of fine chemicals or the treat-
ment of a variety of complex waste and wastewater flows, are
usually beyond the scope of inventory databases. In such cases,
detailed models with enhanced flexibility may be useful. They can
address the particular needs of different users and allow for the
calculation of inventory data with reasonable effort. Some exam-
ples of such tools are described below.

The most prominent and traditional examples are tools for
waste-management modelling. For instance, for municipal solid
waste treatment various such inventory tools are available for
direct sanitary landfills (Nielsen and Hauschild, 1998; Doka, 2003),
mechanical biological treatment (Hellweg et al., 2003a), as well as
for various incineration technologies (Sundqvist et al., 1997;
Kremer et al., 1998; Hellweg et al., 2001; Doka, 2003). For inte-
grated waste management a number of dedicated tools have
been developed (e.g. McDougall et al., 2001; Eriksson et al., 2002;
Solano et al., 2002; Christensen et al., 2007; den Boer et al., 2007;
UK Environment Agency, 2008) and these typically include models
for a number of different waste treatment methods. They enable
the quantification of emissions, use of ancillaries, and energy
production/use as a function of waste composition and technolo-
gies applied. The incineration and co-processing of industrial
wastes in clinker kilns have also been modelled in a similar fashion
(Seyler et al., 2005a,b). Cement manufacture was also modelled
in a life-cycle approach by Gäbel et al. (2004). Tools have long been
available for modelling municipal wastewater treatment
(Zimmermann et al., 1996; Doka, 2003) and lately also for industrial
wastewater systems (Köhler et al., 2007). In all these cases, causal
relationships between ancillary use or emissions and waste(water)
elemental input composition have been set up on the basis of
measurements (e.g., concentration measurements in the flue gas
and analysis of waste input), assuming mostly linear relationships.

Tools have also been developed for chemicals production and
recycling technologies (Jimenez-Gonzales et al., 2000). Since direct
input/output relationships could not be based on measurements in
these cases, expert judgments were used (Geisler et al., 2004) or
a statistical evaluation of empirical observations was performed
(Capello et al., 2005). Another innovative approach is to use neural
networks as a black-box model to estimate inventory data of fine
chemical production (Wernet et al., 2008). These models are
helpful because the producing companies tend to maintain LCI data
of chemicals confidential. Also, there are more than 100,000
chemicals on the market and it would be impossible to do
a detailed LCA on all of them. Therefore, these tools help abridging
significant data gaps in LCA. For the estimation of pesticide
emissions from agricultural field applications, an inventory tool
has been developed taking into account the properties (physico-
chemical and biological) of the pesticide ingredients and the
conditions under which it is applied to the field (Birkved and
Hauschild, 2006).

6.3. Input–output and hybrid LCA

Input–Output Analysis (IOA) is a field of economics that deals
with the connections between industry sectors and households in
a national economy in the form of supply and consumption of
goods and services, formation of capital, and exchange of income
and labour. Much of its basic framework was established in the first
half of the 20th century with the life-long devotion of Wassily
Leontief, for which he received the Nobel Prize in 1973. Recognizing
its usefulness, national statistical authorities started to compile
Input–Output Tables (IOTs) as a part of national accounts around
the 1950s, and nowadays most industrialized nations regularly
publish their IOTs. The IOT states, in average monetary terms and
for each economic sector, how much the sector buys from each of
the other sectors, for each unit produced in the sector.

An IOT becomes a powerful tool for LCA practitioners, when
information on average resources use and environmental emissions
from each sector are added to the table. Then, it can be used to
estimate the environmental interventions generated throughout
the upstream supply-chain to deliver a certain amount of different
goods and services.1 http://lca.jrc.ec.europa.eu/
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The calculations are based on data for industrial sectors, and will
thus provide results for the ‘‘average product’’ from the sector. These
data are used as approximations for specific products or product
groups from the sector. The precision of this approximation can be
poor and depends on how typical or atypical the studied product or
product group is in relation to the other products from this sector. It
is clear that the more atypical the product is in relation to the sector
in question, the less adequate can be the approximation.

Lave et al. (1995) argued that conventional process-LCAs may
miss significant parts of environmental interventions in their LCI,
particularly for products where environmental emissions occur
mostly in far upstream processes (Lenzen, 2000). This is because
process-LCAs cannot include all processes. Ideally, those that are
left out should have an insignificant contribution to the results, but
this may not always be true. For many practitioners, however,
Input–Output (IO)-LCA is not an attractive alternative to process-
LCA for detailed product-level LCA, as its sector resolution is much
too coarse for major LCA applications such as raw materials selec-
tion and process redesign.

What emerged was a hybrid technique combining the advan-
tages of both process-LCA and IO-LCA (see Suh et al., 2004).
Although Moriguchi et al. (1993) pioneered the usefulness of the
hybrid technique, it was not until the late 1990s and early 2000 that
hybrid LCA became widely acknowledged by LCA practitioners.
Moriguchi et al. (1993) combined IOA and process analysis by
analysing the main processes in detail using process-LCA, while
estimating far upstream flows remotely connected to the main
processes using IOA (see also Treloar et al., 2000; Suh and Huppes,
2002). This type of combination is called the tiered-hybrid
approach. Joshi (1999) disaggregated a sector of an IOT into prod-
ucts to improve sector resolution for detailed applications forming
another type of combination called the IO-based hybrid approach.
Suh (2004) integrated the matrix approaches of LCI (see, e.g.,
Heijungs, 1994; Heijungs and Suh, 2002) and IOA in a consistent
computational framework forming the integrated hybrid approach
(see Suh, 2006; Peters and Hertwich, 2006; Kondo and Nakamura,
2004). Suh and Huppes (2005) provide a review of LCI approaches
including hybrid approaches and their advantages and disadvantages.

In relation to the discussion on system boundaries in Section 5,
the use of IOA through hybrid technique can help provide a more
complete picture. The need to identify and exclude insignificant
processes is reduced or eliminated, because the IOT accounts for all
upstream processes. IOA is in these cases primarily used, not to do
the LCA, but to estimate LCA data. The Missing Inventory Estimation
Tool (MIET, Suh and Huppes, 2002) is an example of this
development.

With regard to the discussion on attributional and consequen-
tial LCA, it can be noted that the average data contained in an IOA
are adequate for attributional LCA but less so for consequential LCA.
They typically do not describe how the resource uses and emissions
of a sector are affected by possible decisions.

While stand-alone applications of IO-LCAs may fall short in
providing information at process-level detail, its encompassing
nature has been applied to applications for environmental policy
supports at a macro-level (Hertwich, 2005b; Huppes et al., 2006;
Tukker and Jansen, 2006). As a part of the activities of the European
Commission’s Integrated Product Policy (IPP) Communication, for
example, there was a need to identify key products and services
produced and consumed within the European Union countries that
impose significant environmental loads. The IO-LCA was recog-
nized as an appropriate tool for identifying such hotspots at the EU
and national-scales in these IPP projects (Huppes et al., 2006; Palm
et al., 2006; Tukker and Jansen, 2006; Weidema et al., 2006).
Indicators for IPP have also been suggested based on IO-LCA (Palm
et al., 2006; Björklund et al., 2007).

Up-to-date and comprehensive IO databases with environ-
mental extensions are essential for applying IO and hybrid tech-
niques for LCA. The question whether available databases are
robust enough has been raised. Normally the used IOA data come
from national statistics as a part of environmental and economic
accounts developed within the statistical agencies, and are thus as
accurate as they are. Progresses in environmental IO database
development for LCA have been and are being made in various
countries.

The most easily accessible database is perhaps the EIO-LCA
database by Carnegie Mellon University, which provides on-line
results for a number of environmental interventions (GDI, 2007).
Another on-line tool is available from Statistics Sweden (SCB,
2008). The Comprehensive Environmental Data Archive (CEDA)
3.0 database is a peer reviewed IO-LCA database that combines
the detailed US IOT and various data sources on environmental
emissions and resource use encompassing 1344 environmental
intervention items (Suh, 2005). It has been adapted to various
policy applications and analytical tools, assessment of sustainable
investment portfolios, and carbon footprint calculators (Huppes
et al., 2006; Koellner et al., 2007). The 3EID is a peer-reviewed
database for Japan that connects energy use and air pollutants
emission data to Japanese IOT (Nansai et al., 2002, 2003). Besides,
large-scale environmental IO database projects for LCA purposes
are currently in progress in other regions. Particular attention is
given to international trade and associated environmental impacts
in these new initiatives, notably in the ongoing EXIOPOL project.
We refer to Suh et al. (2004) for a more detailed survey of
IO-LCA databases.

7. Impact assessment; general structure

The purpose of the Life Cycle Impact Assessment (LCIA) is to
provide additional information to help assess the results from the
Inventory Analysis so as to better understand their environmental
significance (ISO, 2006a). Thus, the LCIA should interpret the
inventory results into their potential impacts on what is referred to
as the ‘‘areas of protection’’ of the LCIA (Consoli et al., 1993), i.e., the
entities that we want to protect by using the LCA. Today, there is
acceptance in the LCA community that the protection areas of Life
Cycle Assessment are human health, natural environment, natural
resources, and to some extent man-made environment (Udo de
Haes et al., 1999, 2002).

Impacts on the areas of protection are modelled applying
the best available knowledge about relationships between inter-
ventions in the form of resource extractions, emissions, land and
water use, and their impacts in the environment, as illustrated in
Fig. 1 for emissions of substances.

For greenhouse gases like CO2 and CH4, one of the first impacts
after emission would be the increment they cause in the atmos-
phere’s ability to absorb infrared radiation. This impact leads to
other impacts among which are an increase in the atmospheric
heat content and temperature, propagating to the global marine
and soil compartments causing changes in regional and global
climates and sea-level rise, eventually leading to damage to several
of the areas of protection: human health, natural environment, and
man-made resources. The fate processes would be the degradation
and transport of the gas in the troposphere, the stratosphere, and
the global water and soil compartments and they would be
continuing along the chain of impacts all the way from emission to
the areas of protection.

In Fig. 1 a distinction is made between midpoint and endpoint,
where endpoint indicators are defined at the level of the areas of
protection and midpoint indicators indicate impacts somewhere
between the emission and the endpoint.
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Taking the areas of protection as starting point, LCIA applies
a holistic perspective on environmental impacts and in principle
attempts to model any impact from the product system which can
be expected to damage one or more areas of protection. This means
that LCIA addresses not only the toxic impacts (as chemical risk
assessment does) but also the other impacts associated with
emissions of air pollutants (global warming, stratospheric ozone
depletion, acidification, photochemical ozone, and smog forma-
tion) or waterborne discharges (eutrophication and oxygen
depletion) as well as the environmental impacts from different
forms of land and water use, from noise and from radiation, and the
use and loss of renewable and non-renewable resources.

In general, ISO restricts LCIA to environmental impacts and does
not address the other two dimensions of sustainability – the social
impacts and the economic aspects in the life cycle (Hunkeler and
Rebitzer, 2005). The omission of social impacts from LCIA is to
some degree inconsistent with the defined areas of protection,
since social impacts will often lead to impacts on at least one of
these areas, human health, and, as mentioned above, attempts are
on-going to develop LCIA for social impacts, e.g., under the UNEP/
SETAC Life Cycle Initiative (Grießhammer et al., 2006; Jørgensen
et al., 2008).

According to the ISO standard on LCA (ISO, 2006a,b), LCIA
involves:

Selection of impact categories and classification. Involves identi-
fication of the categories of environmental impacts which is of
relevance to the study. This has normally been done in a general
manner outside the study, which means that existing impact
categories can just be adopted. The classification assigns the
emissions from the inventory to these impact categories according
to the substances’ ability to contribute to different environmental
problems.

Selection of characterisation methods and characterisation. The
relevant characterisation models are selected and the impact of
each emission is modelled quantitatively according to the envi-
ronmental mechanism (Fig. 1) and expressed as an impact score in
a unit common to all contributions within the impact category (e.g.,
kg CO2-equivalents for greenhouse gases contributing to the impact
category climate change) applying the concept of characterisation
factors which for each substance expresses its potential impact in
terms of the common unit of the category indicator. For example,

for climate change an often used characterisation factor is the
global warming potential for time horizon 100 years (GWP100).
Characterisation allows summing the contributions from all
emissions and resource extractions within each impact category,
translating the inventory data into a profile of environmental
impact scores.

Normalisation where the results from the characterisation are
related to reference values. Normalisation expresses the relative
magnitude of the impact scores on a scale which is common to all
the categories of impact (typically the background impact from
society’s total activities) in order to facilitate the interpretation of
the results.

The final steps of the Impact Assessment include Grouping or
Weighting of the different environmental impact categories and
resource consumptions reflecting the relative importance they are
assigned in the study. Weighting may be needed when trade-off
situations occur, e.g., where improvements in one impact score are
obtained at the expense of another impact score. Where normal-
isation expresses the relative magnitudes of the impact scores
and resource consumptions, weighting expresses their relative
significance in accordance with the goal of the study.

According to the ISO standard on LCA, selection of impact
categories, classification, and characterisation are mandatory steps
in LCIA, while normalisation and weighting are optional (ISO,
2006b). The weighting step is the most normative part of the
method with its application of preferences and stakeholder values
in a ranking, grouping or quantitative weighting of the impact
categories. There is no objective way to perform weighting and
hence, no ‘‘correct’’ set of ranks or weighting factors. The ISO
standard for LCIA does not permit weighting to be performed in
studies supporting comparative assertions disclosed to the public
(ISO, 2006b).

While the ISO standard for LCIA (ISO, 2006b) presents the
framework and some general principles to adhere to, it refrains
from a standardisation of more detailed methodological choices.
Over the last decade, several well-documented LCIA methods have
been developed filling this gap (e.g., Heijungs et al., 1992; Wenzel
et al., 1997; Hauschild and Wenzel, 1998; Goedkoop and Spriensma,
2000; Steen, 1999; Guinée et al., 2002; Bare et al., 2003; Itsubo and
Inaba, 2003; Jolliet et al., 2003a).

8. Current developments in Life Cycle Impact Assessment

8.1. Towards a recommended practice for LCIA

Life Cycle Assessment is still a young discipline, mainly devel-
oped from the mid-1980s until now. Throughout the 1990s,
a number of consecutive international working groups in SETAC
took the method development and consensus building a good step
forwards (Consoli et al., 1993; Fava et al., 1993; Udo de Haes, 1996;
Udo de Haes et al., 2002), but LCIA is still a discipline in vivid
development.

Today, several LCIA methods are available, and there is not
always an obvious choice between them. In spite of resemblance
between some of them, there can be important differences in their
results, not least for the toxic impacts – differences which can lead
to conclusions which depend on choice of LCIA method (Dreyer
et al., 2003).

While standard bodies such as ISO have generally refrained from
standardisation of the more detailed methodological choices, there
are now international activities which aim at providing such
recommendations. An element within the UNEP/SETAC Life Cycled
Initiative (UNEP, 2002) is to help identify best practice for Life Cycle
Assessment within the framework laid out by the ISO standards
and to make data and methods for performing LCA available and
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Fig. 1. Schematic presentation of an environmental mechanism underlying the
modelling of impacts and damages in Life Cycle Impact Assessment (adapted from
Hauschild and Potting, 2005).
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applicable worldwide (UNEP, 2002). Recommendations are based
on working groups focusing on the scientific validity of the
methods and their feasibility in LCIA.

Building on recommendations from the UNEP/SETAC’s scientific
working groups as an important starting point and working
together with UNEP, the European Commission in consultation
with several non-EU countries, industry associations, as well as
scientific experts is further facilitating the development of formal
international recommendations for LCIA through the International
Reference Life Cycle Data System (ILCD) (European Commission,
2008b). These recommendations will include characterisation
models and operational characterisation factors for important
substances. They address the midpoint level as well as the endpoint
level.

8.2. Midpoints and endpoints in characterisation modelling

Traditional characterisation methods are examples of midpoint
modelling, meaning that they choose an indicator somewhere
between emission and endpoint in the environmental mechanism
(a ‘‘midpoint’’) and model the impact on this indicator. The indi-
cator is typically chosen where it is judged that further modelling is
not feasible or involves too large uncertainties, or where a relative
comparison can be made without the need for further modelling.
Representatives of this midpoint school are Heijungs et al. (1992),
Guinée et al. (2002), Wenzel et al. (1997), Hauschild and Potting
(2005), and Bare et al. (2003).

An alternative school of characterisation modelling takes as
a starting point that the purpose of LCA is to reveal contributions to
impacts on the areas of protection and that consequently, LCIA
must model the impacts on these. In this approach, characterisation
modelling must include the entire environmental mechanism,
since the areas of protection are located at the endpoint of it (see
Fig. 1). Consequently, this approach to characterisation modelling is
referred to as endpoint modelling. Examples of this endpoint school
are methodologies developed by Goedkoop and Spriensma (2000),
Steen (1999), and Itsubo and Inaba (2003).

Both approaches can include partial modelling, mid-point
approaches because the whole environmental mechanism until the
end-point is not included, and end-point approaches because
typically some end-points are included but not all. Proponents of
the endpoint school further point out that in case weighting is
needed, it is limited to weighting or ranking of the areas of
protection if an end-point approach is chosen. At the same time, it
is necessary to weight the midpoint-based impact scores in order to
compare across impact categories even within areas of protection
(Bare et al., 2000). For both approaches the weighting is often based
on social science and external costing methods discussed below.
This weighting may, however, for the mid-point approaches,
qualitatively involve the science-based analysis of the unmodelled
parts of the environmental mechanism, considering aspects like
severity and reversibility of the impacts on endpoints, their
geographical extent and expected duration, and the uncertainty of
the models predicting them (Hauschild and Wenzel, 1998) – in
other words aspects which the endpoint approaches try to model
quantitatively. But, obviously, the weighting of midpoint results
introduces additional uncertainties to the midpoint approaches if it
is a weighting on endpoints that is wanted. Different types of
uncertainties thus have to be pondered when choosing the position
of the midpoint impact indicator; the statistical uncertainty of the
models and parameters which are used for modelling the indicator
and the uncertainty of interpreting the resulting indicators in terms
of damage to the areas of protection. It may also be argued that an
advantage of midpoint approaches is that they make it possible to
give consideration to the precautionary principle and give an extra

weight to uncertain and partly unknown aspects, one example may
be climate change. This is in contrast to endpoint modelling which
typically will give no consideration to impacts which cannot be
modelled and thus are more uncertain and unknown. A potential
benefit of the end-point methods is the increased possibilities of
comparing impacts at an end-point level, e.g., human health
impacts from toxicological effects from those of climate change, if
both can be modelled within the same framework.

The two schools are not necessarily incompatible. In fact,
workshops focused on this topic concluded that a single framework
with both should be used (Bare et al., 2000). In principle they agree
in the quest of modelling relevant impact indicators. The principal
discrepancy lies in the evaluation of whether the uncertainty in
midpoint versus endpoint modelling is justified by the improved
interpretation of the results, and the answer varies between the
different categories of impact and different practitioners/clients.
While reliable endpoint modelling seems within reach for some of
the impact categories like acidification, cancer effects, and photo-
chemical ozone formation, it is still developing for climate change,
where a midpoint approach will choose the indicator rather early in
the environmental mechanism (at the level of radiative forcing),
and where endpoint modelling is encumbered with large uncer-
tainties due to the many unknowns of the global climate system
and to the long time horizon of some of the involved balances.
However, there is often also a practical discrepancy when the
underlying models of midpoint and endpoint approaches differ in
the systems they model. Such discrepancies are confusing, and
often unnecessary. It is therefore desirable that methods for LCA
should be harmonized in some of the detailed choices while
allowing a certain degree in freedom as to the main principles,
in the current case their orientation towards midpoint or end-
point indicators. Harmonization of these underlying models has
been done in, e.g., the ReCiPe project (Heijungs et al., 2003),
IMPACT2002þ (Jolliet et al., 2003a), and the Life Cycle Impact
Assessment Method based on endpoint modelling (LIME2) which
is being developed as part of the second LCA National Project
of Japan.

8.3. Spatial differentiation – getting the exposure right

The impacts caused by an emission depend on

� the quantity of substance emitted
� the properties of the substance
� the characteristics of the emitting source
� the receiving environment

The site-generic approach (or global default) followed in current
characterisation modelling only includes the first two aspects,
inherently assuming a global set of average/standard conditions as
regards the properties of the source and the receiving environment.
For truly global impact categories like climate change and strato-
spheric ozone depletion, this is not a problem since the impact is
independent of where the emission occurs. For the other impacts
modelled in LCIA, however, the situation can be different. They are
often regional or even local in nature, and a global set of standard
conditions can disregard large and unknown variations in the
actual exposure of the sensitive parts of the environment. Some-
times differences in sensitivities of the receiving environment can
have a stronger influence on the resulting impact than differences
in inherent properties of the substance that contribute to the
impact (Potting and Hauschild, 1997; Bare et al., 2003). At the same
time, spatial differences can be reduced in the case of sources from
multiple locations, particularly when these result in uniform
emission distributions.
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The modelled impacts in LCIA must show accordance with the
actual impacts associated with the product system, if the decisions
based on the LCA shall lead to environmental improvements.
Therefore, spatial differentiation can be relevant in LCIA (Udo de
Haes et al., 1999). It is equally acknowledged that this will increase
the complexity of LCA, requiring more information in some cases
about emissions and more differentiation in the impact assessment.
Even though the specific location and properties of the receiving
environment will only be known for very few processes, the
country and possibly the region will, however, sometimes be
known for many processes in an LCA, where it is needed for
modelling the transportation activities in the life cycle. It is thus
possible, at least, to base an exposure modelling on this type of
geographical information and derive site-dependent character-
isation factors which depend on the country or region of emission
as well as on the properties of the substance.

Several groups have worked on developing site-dependent
characterisation for LCIA (Krewitt et al., 1998; Huijbregts et al.,
2000a), and recently, methods supporting site-dependent charac-
terisation of a range of non-global impact categories was published
for processes in Europe (Hauschild and Potting, 2005; Hettelingh
et al., 2005; Seppälä et al., 2006) and in the US (Bare et al., 2003).
There are some differences between these data sets partly related
to the different definitions of the characterisation factors (Seppälä
et al., 2006). There has also been a discussion on the needs of
defining site-dependent characterisation factors within countries
(Finnveden and Nilsson, 2005). Another type of site-dependent
aspect that may need consideration is the difference between
emissions from low and high stacks which may be of importance
especially for impacts on human health (Finnveden and Nilsson,
2005; van Zelm et al., 2008). Modelling country-dependent char-
acterisation factors, Potting and co-workers find that the variation
in acidification impact can be as high as three orders of magnitude
between different countries within Europe (Potting et al., 1998).

Whether site-dependent factors reduce uncertainty compared
to using generic defaults depends on the impact category of
concern and it may also depend on the case. It is therefore essential
for the research community to identify under what conditions
uncertainties can be reduced in LCAs to justify not using generic
inventory and impact assessment data.

8.4. Resources

For resources, a distinction is generally made between biotic and
abiotic resources. Biotic resources are considered important but
have not yet received much attention.

Abiotic resource depletion is one of the most frequently dis-
cussed impact categories and there are consequently a wide variety
of methods available for characterising contributions to this cate-
gory (Pennington et al., 2004). To a large extent these different
methods reflect differences in problem definition, and earlier
reviews have concluded that it is difficult to choose between the
different approaches (Lindeijer et al., 2002). However, since then
some new developments can influence the debate. One is the
insight discussed in Section 3 that methods based on environ-
mental impacts from future extractions should be included in the
Inventory Analysis and not in the Impact Assessment (Weidema
et al., 2005). This means that several of the often used LCIA
methods for abiotic resources (e.g., Ecoindicator 99, EPS method,
and Lime and Impact 2002þ) are debatable (Finnveden, 2005). This
means that there are essentially two groups of methods available
for characterisation of abiotic resources:

� Methods related to some measure of available resources or
reserves and extraction rates. Different approaches exist based

on different measures of the reserves, e.g., technically and
economically available reserves (Wenzel et al., 1997) or ulti-
mately available reserves (Guinée et al., 2002) and extraction
rates.
� Methods based on exergy consumption or entropy production.

Exergy is a measure of available energy and entropy can be
interpreted as a measure of disorder. Methods and data based
on this approach have been developed for LCA by Finnveden
and Östlund (1997) and data for a large number of resources
were recently published by Bösch et al. (2007). This is inter-
esting since one of the arguments against a method based on
exergy consumption has been the lack of data which now may
be largely removed. Dewulf et al. (2007) suggested that exergy
data on fossils, nuclear and metal ores, minerals, air, water, land
occupation, and renewable energy sources can be calculated
and aggregated as the cumulative exergy extraction from the
natural environment.

8.5. Impacts of land use

Land use is an elementary flow that leads to an impact category,
or a group of impact categories, that have been discussed quite a lot
(e.g., Lindeijer et al., 2002; Mila i Canals et al., 2007a,b; Udo de Haes,
2006). Both the land occupation and the land transformation
involved in agriculture and forestry, but also other activities such
as mining and transportation can have significant impacts, both
positive and negative. However, there is currently no agreement on
how these impacts should be included in an LCA. Land use will
affect three of the areas of protection directly: natural environment,
natural resources and manmade environment, and human health
indirectly. Examples of impacts include loss of biodiversity, loss of
soil quality, and loss of biotic production potential (Mila i Canals
et al., 2007a) but the list of potential impacts to include is longer
(Udo de Haes, 2006). Since there are several types of impacts, it may
be necessary to have several impact categories.

Several methods have been suggested in the literature on how
to include land use impacts (see, e.g., reviews in Lindeijer et al.
(2002), Mila i Canals et al. (2007a), and Pennington et al. (2004) and
recent publications by Koellner and Scholz (2007, 2008) and
Michelsen (2008)). The approach based on cumulatative exergy
extraction mentioned above and the ecological footprint discussed
below are also approaches which include some aspects of land use.
There are, however, limited experiences of using and comparing
the different methods in practice. Their general applicability is
therefore generally untested. A working group within the UNEP/
SETAC Life Cycle Initiative has been formed and will address these
issues further.

8.6. Impact from water use

Freshwater as a resource provides fundamental functions for
humans and the environment, and is thus relevant for all four areas
of protection. In its first operating phase, the UNEP/SETAC Life Cycle
Initiative recognized the high global and regional significance of
freshwater resources and their limited availability on a global level
(Stewart and Goedkoop, 2003) and clearly expressed the need for
an assessment of water resource consumption (Jolliet, 2003) which
is continuously growing due to economic, demographic, and
climate change influences.

At the level of life cycle inventories, water flows are sometimes
reported as input parameters, but only little attention is given to the
differentiation of water types and water quality criteria which may
be important for the subsequent Impact Assessment. Particularly
industrial water use is hardly documented. To date no generally
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accepted standards for water-use reporting in LCA exist (Koehler,
2008). Water quality parameters have been proposed as additional
information to be included in the LCI results. One classification
scheme suggests water flows to be characterized as usable for
drinking water purposes, agricultural activities, and industrial
applications (Jolliet et al., 2003b). Another approach recommends
to also record output flows which are differentiated by changes in
chemical composition (Rebitzer et al., 2007). A severe drawback of
existing inventory data sets is the lack of regionalized information
on water flows to properly account for potential environmental
impacts due to water scarcity in (semi-) arid regions.

In spite of the eminent importance of freshwater shortage and
regional variation in water availability, only few methods actually
provide Impact Assessment concepts. Impacts to freshwater and
marine water supplies can typically be expressed in terms of
quantity and quality impacts. The extraction and usage of water
resources may thus be described as the reduction in the availability
of water of a particular predefined quality reflecting the conse-
quences on both quantity and quality. Owens (2002) takes up this
bivalent approach and characterizes water use by appointing
indicators for in-stream use (e.g., hydropower) and off-stream use
(discharge of water of diminished quality), consumption (water
losses, e.g., due to evaporation) and depletion (e.g., extraction from
fossil groundwater reservoirs). The downstream availability of the
respective water resource forms the basis for this qualitative
assessment. As a quantitative method, the approaches based on the
cumulative exergy demand (CExD) (Bösch et al., 2007) and the
cumulative exergy extraction from the natural environment
(CEENE) can also include water (Dewulf et al., 2007). The distance-
to-target method of Ecological Scarcity presents a spatially differ-
entiated way to assess freshwater use, assigning a higher weight to
water-scarce countries (Frischknecht et al., 2008). These methods
focus on evaluating the impacts on the freshwater resource itself.
Pfister et al., 2009, in contrast, suggest a damage-oriented method
for determining impacts on endpoint level and provide regional-
ized characterisation factors for water use. However, most LCIA
methods do not consider water usage and thereby neglect the
impacts from loss in availability and quality of water. Thus, further
development and discussions are needed which introduce different
water use types and model the relevant impact pathways from
the extraction of water from natural and man-made water reser-
voirs with regard to the final areas of protection. A framework
for assessing freshwater use following the midpoint-endpoint
modelling approach has recently been elaborated (Bayart et al.,
submitted for publication).

8.7. Toxicity

Human and ecotoxicological impacts have been considered by
some as troublesome impact categories for several political as well
as scientific reasons. One has been the lack of inventory data for
emissions creating data gaps (Finnveden, 2000), others are linked
to the models used and related data. These issues are sometimes
solved politically by deciding what should be considered as
a priority based on what is generally monitored and considered to
be of high concern, such as Persistent Organic Pollutants and
metals. For models and data, as in other applications, this is simi-
larly decided through recommendations and consensus on best
practice. This is, however, analogous to the situation for many other
impact categories.

The limited coverage of inventory data is largely a societal issue,
since the knowledge on the use and fate of the thousands of
chemicals is limited. The lack of knowledge gets worse when the
chemical substances that are produced as unwanted side products
and the entire bulk of organic emissions in the case of waterborne

releases are considered (Köhler, 2006; Köhler et al., 2006), which is
generally not the case in LCA studies. Case studies where extra
efforts have been made to include a larger number of emissions
with potential toxicological relevance have also shown that this can
change the results and conclusions in current practice (Köhler,
2006; Larsen et al., 2009).

Another related problem is sometimes the lack of robust toxi-
cological and physicochemical data necessary for the Impact
Assessment. Typically characterisation factors are published for less
than 2000 substances, and the current situation for the LCA prac-
titioner who wishes to include the chemical-related impacts in the
Impact Assessment is thus that: (a) there will often be many
substances in the LCI for which no characterisation factor is avail-
able from any of the databases without further modelling, (b) for
some substances several of the models may have published char-
acterisation factors, but these often vary substantially between
sources. While there is often a lot of effort spent on the inventory,
there is traditionally little effort made by practitioners to fill these
gaps or select the most appropriate factors.

While coverage is generally good for the emissions of highest
political concern, and data gaps can often be filled, the coverage
may not be for the most important chemical emissions in the
life cycle of a specific product from an impact perspective if trying
to consider everything. Again this is largely a societal problem and
not specific for LCA. LCAs therefore cannot be expected to do
more in these respects than what is feasible in other disciplines
for data, such as chemical risk assessment. This is partly due to the
lack of guidance available to fill gaps, which can often be done
through very straightforward approaches based, e.g., on chemical
similarity.

A third problem has been the perception of a lack of consensus
concerning the characterisation methods used. A number of
different models have been developed for this purpose around the
world over the last 15 years (e.g., Braunschweig and Müller-Wenk,
1993; Guinée and Heijungs, 1993; Walz et al., 1996; Hauschild and
Wenzel, 1998; Krewitt et al., 1998; Steen, 1999; Goedkoop and
Spriensma, 2000; Huijbregts et al., 2000b; McKone and Hertwich,
2001; Crettaz et al., 2002; Pennington et al., 2002; Molander et al.,
2004). A good overview of many of the models is given by Udo de
Haes et al. (2002). It is important to note, however, that similar to
chemical risk assessment adopted in some countries/regions, there
has been a general convergence on the use of straightforward
multimedia models.

Despite the convergence, available models sometimes vary in
their scope, applied modelling principles, and not least in terms of
the characterisation factors they produce, as revealed by compar-
ative studies (e.g., Dreyer et al., 2003; Pant et al., 2004). The
differences in these studies can obviously be also due to the way
the models are parameterised and the data adopted, rather than
the models themselves. This has been demonstrated with the
commonly used multimedia approaches widely in the literature
and over two decades.

The chemical-related impacts are, for these as well as other
political reasons, often excluded from the LCIA which de facto
reduces it to an energy Impact Assessment (Hauschild, 2005),
which raises the question of whether any of the other parts of the
LCA should be done for the same arguments and undermines
the usefulness of doing an LCA. This unsatisfactory situation was
the background of various activities including those of SETAC (Udo
de Haes et al., 2002), the OMNITOX project (Molander et al., 2004),
and later a Task Force on Toxic Impacts under the UNEP/SETAC Life
Cycle Initiative.

The UNEP/SETAC group of experts analysed the prominent
existing characterisation models for toxic impacts, and in collabo-
ration between the teams behind the models created a new
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scientific consensus multimedia model, USEtox (http://www.
usetox.org). USEtox is intended to form the basis of future recom-
mendations from the UNEP/SETAC Life Cycle Initiative on charac-
terisation of toxic impacts (Rosenbaum et al., 2007; Hauschild et al.,
2008a). It was developed as a parsimonious multimedia chemical
fate, exposure, and effect model – as simple as possible but as
complex as needed meaning that in a comparison of the charac-
terisation factors for existing characterisation models, the key
features and most important choices have been identified and built
into this new model (Hauschild et al., 2008a).

8.8. Indoor air

Modelling of human toxicity as described above considers
exposure to outdoor air. However, indoor concentrations of
chemicals and resulting human exposures often substantially
exceed corresponding outdoor concentrations, mainly because of a
much lower dilution volume. Moreover, people spend most of their
time indoors, which in industrial countries can amount to more
than 20 h a day on average. Both aspects often lead to intake
fractions from indoor air of up to several orders of magnitude larger
than for outdoor emissions. Therefore, neglecting indoor chemical
exposure and related human health impact might lead to a major
gap in a ‘‘from cradle to grave’’ assessment.

In spite of the relevance of indoor air exposure, only some LCIA
methods consider indoor health effects. One example is the Danish
Environmental Design of Industrial Products (EDIP) Method
(Hauschild and Wenzel, 1998), which defines an ‘exposure
threshold’ as 1/10 or 1/100 (depending on the effect) of the legal
limit. More recent methods (Hofstetter and Norris, 2003; Schmidt
et al., 2004) use statistics of occupational accidents and illnesses to
estimate impacts to the working environment per industry sector.
This ‘‘top-down’’ approach is easy to apply but is rather uncertain,
because a large number of occupational diseases remain unre-
ported. Another factor contributing to the uncertainty is the long
latency periods from exposure to disease for many chemicals.
Recently, first attempts have been made to integrate indoor expo-
sure models with environmental models commonly applied within
LCA. Meijer et al. (2005a,b) developed a model with which
household exposure to chemicals and radiation emitted to indoor
air can be assessed. Furthermore, Hellweg et al. (2005) used bulk-
mixing models for occupational exposure in conjunction with
multimedia models for the assessment of chemical exposure in the
environment. Both studies illustrated that, indoor airflow and
exposure models are, in principle, compatible with environmental
models, and that the importance of health effects from indoor
exposure in comparison to the total human-toxicity potential may
be significant. Thus, the consideration of indoor exposure to
chemicals, radiation, and particles within LCA is possible. This is
also desirable, assuming that a ‘‘comprehensive’’ assessment tool
such as LCA should not neglect potentially relevant effects to
human health.

Within the first phase of the UNEP/SETAC Life Cycle Initiative,
exposure models from occupational and household hygiene studies
and practices were reviewed, and recommendations were provided
on the appropriateness of various model alternatives in the context
of LCA (Hellweg et al., 2009). For screening purposes, a one-box
model, used for quantifying intake fractions, was recommended as
a default model (Fig. 2). This model does not consider inhomo-
geneous mixing throughout the room, but it is consistent with
environmental fate and exposure models, in terms of general
modelling approach as well as level of model detail.

It is one of the primary goals to move this box-model approach
forward and to couple indoor and environmental models within
the 2nd phase of the Life Cycle Initiative (USETox model) in order to

assess indoor and outdoor exposure for a large range of chemicals
using the same methodological basis. In addition to the model set
up, a list of emission factors and model parameters for various
household and occupational settings is currently set up. Indoor-
model parameters may vary geographically, e.g., due to different
ventilation practices. Also, the emission factors may be region-
specific. For instance, indoor smoke from wood burning is a severe
health problem of some emerging and developing countries, while
it is less relevant in industrial countries. Thus, it is essential to
quantify default parameter values and emissions factors for various
regions in order check the sensitivity of the results and to take
account of regional differences.

An important requirement for the final model is that users can
adapt the model to their specific circumstances. This is of particular
importance for indoor assessments, as the resulting assessment
may depend largely on the specific features of the industrial plant
or household. Thus, the results assessed with the characterisation
factors that will be developed only give an indication of whether
indoor exposure is important. If so, it may be advisable to use
a more sophisticated model or to refine the model parameter
values.

8.9. Normalisation

For normalisation, developments have been made with respect
to more accurate, up-to-date, and complete data collection for
different regions (Stranddorf et al., 2005; Bare et al., 2006; Lundie
et al., 2007b; Wegener Sleeswijk et al., 2008) as well as to some
method-related choices. For instance, should in a national nor-
malisation database the emissions of the country be included as
such, or should they be corrected for import and export, or even for
time-lags between production and emission, as in electric equip-
ment that will be discarded only 20 years afterwards (Wegener
Sleeswijk et al., 2008)? Another example of a method-related
development is the recognition that data gaps can introduce a more
complicated bias for a normalized score than for an unnormalized
score (Heijungs et al., 2007).

8.10. Weighting

The weighting element in LCA has always been a controversial
issue, partly because this element requires the incorporation of
social, political, and ethical values (cf. Finnveden, 1997). Not only are
there values involved when choosing weighting factors, but also
when choosing which type of weighting method to use, and also in
the choice whether to use a weighting method at all (Finnveden,
1997). Despite the controversies, weighting is widely used in practice
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Fig. 2. Nesting a One-Box Indoor Model into common environmental fate and expo-
sure models (G: emission rate in kg/h, V: room volume in m3, and k: air exchange rate
in 1/h).
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(e.g., Hansen, 1999). It is therefore important to critically review
methods and data used. Evaluating weighting methods is, however,
difficult since the values involved are difficult to identify and eval-
uate. However, all weighting methods use data and methods taken
from different scientific disciplines that can and should be evaluated,
and the value choices can be identified and clarified.

Methods for weighting can be classified in different ways
(Finnveden et al., 2002):

� Often a distinction is made between panel methods and
monetisation methods. In panel methods, a group of people are
asked about their values. The common aspect of monetisation
methods is that the values are expressed in a monetary
measure. Sometimes also a third group is mentioned; distance-
to-target methods, where the weighting factors are calculated
as a function of some type of target value. However, it may be
questioned if distance-to-target methods are weighting
methods since the different targets are not weighted against
each other (Finnveden et al., 2002).
� A distinction can be made between methods based on stated

and revealed preferences. In methods based on stated prefer-
ences, people are asked about their preferences and this
information is used. All panel methods and some monetisation
methods are based on stated preferences. In methods based on
revealed preferences, preferences revealed in different situa-
tions are used to calculate weighting factors. Some mone-
tisation methods (such as so-called hedonic pricing) are based
on revealed preferences.

Finally a distinction can be made between mid-point methods
and end-point or damage methods as discussed above.

Several weighting methods that were developed during the
1990s are still used. Examples include the EPS method (Steen, 1999),
which is an end-point method based on monetary measures.
Another example is the Ecoindicator’99 (Goedkoop and Spriensma,
2000) which also is an end-point method, however, based on a panel
approach. Other examples include distance-to-target methods EDIP
(Wenzel et al., 1997) and Ecoscarcity (Frischknecht et al., 2008).

Recently several methods have also been published in the
scientific literature increasing the credibility and the review
process. Examples of more recent methods are the LIME weighting
method based on monetary valuation of end-points (Itsubo et al.,
2004; Weidema, 2009), the Ecotax method based on a monetary
valuation of mid-points (Finnveden et al., 2006), the BEPAS method
also based on a monetary valuation of mid-points (Zhang et al.,
2006), and panel methods for mid-points (Soares et al., 2006;
Huppes et al., 2007). Methodological aspects of panel methods are
also discussed by Mettier and Hofstetter (2005).

Under the heading weighting methods, also different types of
proxy methods can be considered which focus on one or a few
aspects which are then considered as being indicative of the whole
result. Examples of such methods include the cumulative fossil
energy demand (Huijbregts et al., 2006) and the ecological foot-
print (Huijbregts et al., 2008).

9. Uncertainties in LCA

As with many decision support tools, uncertainties are often not
considered in LCA studies although they can be high. But, there is
arguably a necessity for an analysis of the uncertainties involved in
carrying out an LCA study to help focus research efforts and also to
provide support in the interpretation of LCA study results. In this
section, we build on and extend several review papers that
concentrate on uncertainty in LCA, notably Huijbregts et al. (2001),

Björklund (2002), Heijungs and Huijbregts (2004), Geisler et al.
(2005), and Lloyd and Ries (2007).

Uncertainty can be defined in many ways, but one definition
that appears to be useful in the present context is: ‘‘the discrepancy
between a measured or calculated quantity and the true value of
that quantity’’. There are various classifications of uncertainty in
the literature (Funtowicz and Ravetz, 1990; Morgan and Henrion,
1990; Huijbregts, 1998). Examples are: data uncertainty, model
uncertainty, variability, epistemic uncertainty, etc. Here, we will
distinguish between sources and types of uncertainties. Sources are
the input elements of LCA that may be uncertain, and types reflect
the different aspects that may be ‘‘wrong’’ with these sources. In
LCA, we may distinguish the following sources:

- data, e.g., electricity use of a heating boiler, CO2 emissions from
a coal fired power plant, and GWP of dinitrogenoxide;

- choices, e.g., system boundaries, allocation principles, and time
horizon in Impact Assessment;

- relations, e.g., the linear dependence of travelled distance on
fuel input, the linear dependence of acidification on SO2 emis-
sions, and the discounting formula used for long-term impacts.

The types of uncertainties are partly related to these sources, as
illustrated by these examples:

- data can show variability, e.g., the electricity use of various
similar boilers may be different, and even for one and the same
boiler it may change over time or depend on the conditions;

- data can be miss-specified, e.g., instead of the electricity use of
a 80-l boiler in France in 2007, one may have data for a 75-l
boiler in Germany in 2006;

- data may be erroneous, e.g., a typo may have been made,
a mistake in the units may have occurred, or a decimal point
may have been confused for a thousands separator;

- data may be incomplete, e.g., one may lack the emissions of
dichlorobenzene from a certain incinerator;

- data may be subject to round-off, e.g., 0.342 may have been
entered as 0.3, which is more than 10% wrong;

- choices may have been made inconsistently with the goal and
scope of the analysis, e.g., average technology for certain
processes instead of best available technology;

- choices may have been made inconsistently across alterna-
tives, e.g., different allocation methods for different product
chains;

- relations may be wrong, e.g., a linear dependence of acidifi-
cation on SO2 emissions may not reflect the true relationship;

- relations may be incomplete, e.g., the influence of background
levels of contaminants may have been neglected;

- relations may have been implemented inaccurately in soft-
ware, e.g., matrix inversion routines may be sensitive for the
choice of algorithm.

It will be clear that there are many types of uncertainties, and
that many of these types will show up in a typical LCA.

When LCA is used for decision support, as with any tool, the
uncertainty of the results can be an important part of the infor-
mation. In the ISO 14040 framework, issues of uncertainty are
mentioned as part of the LCI and LCIA phases, but most promi-
nently as a part of the Interpretation phase. Although the standard
mentions some issues related to uncertainty analysis, no concrete
guidance is provided. This is, however, being addressed by several
of the ongoing initiatives that complement ISO and provide more
explicit recommendations.

Uncertainty can be dealt with in several ways, here we distin-
guish between the ‘‘scientific’’ way, the ‘‘social way’’, and the
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‘‘statistical way’’. The ‘‘scientific’’ way to deal with large uncer-
tainties (that sometimes prevent results being used in decision
support) is to do more research: find better data, make better
models, etc. Although we do not deny the usefulness of finding
better data and making better models, the value is restricted in
many cases where decisions will be made anyway. The urgency of
environmental questions often requires swift action and forbids
decision makers to wait for complete evidence on all matters. The
disappearance of a species is only proven when it is too late.

The ‘‘social’’ way is to discuss the uncertain issues with stake-
holders and to find consensus on data and choices. A variant of
this is the ‘‘legal’’ way, in which an authoritative body establishes
the data, models, and choices. For instance, the European
Commission in combination with other governments, industry,
UNEP, as well as various scientific advisory bodies is currently in the
process of establishing formal recommendations for LCA. Although
consensus, recommendations, and policy are admittedly important
ingredients of modern society, they have on occasions been in
sharp conflict with science and rational inquiry, suggesting a need
for caution. One remedy may sometimes be an even broader input
from stakeholders, but this has the danger of enlarging the confu-
sion between facts and opinions even more (Heijungs, 1999). On the
other hand, harmonization and recommendations can also provide
a reference for further scientific discussions and development.

The ‘‘statistical’’ way, in contrast to the previous two ways, does
not try to remove or reduce the uncertainty, but to incorporate it.
Statistical theory comprises a large body of methods to do:

- parameter variation and scenario analysis: these involve calcu-
lating a result with a number of different data values and/or
choices, e.g., using the maximum and the minimum fuel effi-
ciency, and seeing if the results are stable;

- classical statistical theory on the basis of probability distribu-
tions, tests of hypothesis, etc.;

- Monte Carlo simulations, bootstrapping, and other sampling
approaches;

- using analytical methods, based on first-order error
propagation;

- using less conventional methods, such as non-parametric
statistics, Bayesian analysis, and fuzzy set theory;

- using qualitative uncertainty methods, for instance, based on
data quality indicators.

In the present-day LCA studies uncertainties are increasingly
taken into account, although the coverage remains limited typically
to parameter uncertainty. Some databases (e.g., the ecoinvent
inventory data) contain probability distributions for almost all data
items. Most of the major tools for LCA contain algorithms for con-
ducting Monte Carlo analysis, while some programs enable the use
of fuzzy methods or of analytical approaches.

Especially on fuzzy set theory, advances have been reported the
last few years by, amongst others Mauris et al. (2001), Benetto et al.
(2006), Seppälä (2007), and Tan (2008). The advance on Bayesian
methods in LCA has been much smaller, although some progress
has been made (e.g., by Lo et al., 2005).

Another relevant development is that a link has been estab-
lished between interpretation and goal and scope definition, in
a broadening of the use of scenarios from defining the functional
unit or specifying the technological conditions to varying these
scenarios in an uncertainty perspective (Spielmann et al., 2005).

To facilitate systematic uncertainty analysis, there is a need for
standardization of uncertainty information (Heijungs and Frisch-
knecht, 2005). The existence of the ISO standard for expressing
uncertainties (the guide to the expression of uncertainty in
measurement, or GUM for short (Anon., 1993)) appears to have

escaped notice of those that were involved of designing, e.g., the
ISO standards for LCA. The reporting of uncertainties in data sour-
ces and LCA results is likely to improve significantly if the LCA
community adheres to the principles outlined in GUM.

We have indicated that the unique feature of the ‘‘statistical’’
approach is to deal with uncertainty that it does not remove or
reduce uncertainty, but rather incorporates it. Nevertheless, statis-
tical approaches may have a second useful function in reducing
uncertainties. One example is provided by the data reconciliation
approaches on the basis of fuzzy uncertainties (Tan et al., 2007).
Another example is the use of key issue analysis (Heijungs, 1996)
(also known as sensitivity analysis) to priorities places for carrying
on the ‘‘scientific approach’’, i.e., collecting better data.

The above uncertainty was defined in terms of the discrepancy
between a measured or calculated quantity and the true value of
that quantity. This brings us to the question of validation, the
comparison of measurement or calculation and ‘‘truth’’. Ciroth and
Becker (2006, p. 297) argue that ‘‘validation in LCA models offers
tremendous possibilities for model improvements as well as
improvements of the quality of decisions supported by LCA
models’’. On the other hand, it has been argued that validation of
models like LCA is impossible, on different grounds. To Oreskes
et al. (1994) and Heijungs (2001), the only possible validation is the
piecemeal one: unit processes, steps in impact pathways, etc., each
building block may be validated separately, and as long as the
gluing together proceeds according to strict procedures and
mathematical rules, we can hope that LCA makes sense after all.
Clearly, the area of validation as well as the larger area of uncer-
tainty in LCA need further attention and development.

10. Discussion

The LCA methodological development has been strong over the
last decades. Several of the limitations that have been mentioned in
critical reviews have also been addressed. Several of them can
never be fully solved and are common to other tools, but better data
and better methods are developed. For example:

� LCA is very data intensive, and lack of data can restrict the
conclusions that can be drawn from a specific study. However,
as discussed above, better databases are developed, and
growing experience will tell us where to focus our efforts
including in terms of quality-assurance. The development of
hybrid IO-LCA models is interesting in this aspect, since IOA can
provide us with data for the whole economic system but this
also involves some fundamental approximations that need to
be better discussed. If judged suitable, it is then always possible
to find some data as long as price information is available. This
may mean that we can move from a discussion on data gaps to
a discussion about data quality and uncertainty, at least for
inventory. For specific substances, the risk of data gaps will,
however, always remain as long as societies are handling
thousands of chemical products with limited knowledge on
their use and fate combined with the lack of guidance for
dealing with data gaps from the scientific community. Addi-
tionally, LCA practitioners may have to dedicate the same
resources to LCIA as other parts of a study including to fill gaps.
� LCA aims at providing a comprehensive view of environmental

impacts. However, not all types of impacts are equally well
covered in a typical LCA. For example, the methods for the
Impact Assessment of land use, including impacts on biodi-
versity, and resource aspects, including freshwater resources,
are problematic and need to be improved. Improvements can
be made through further interaction with related fields. Several
methods have been described in the literature and these need
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to be tested and evaluated. Also human health aspects other
than those related to outdoor exposure of pollutants have
traditionally received limited attention. The development of
indoor exposure models and the possible inclusion of other
health aspects in social LCA will improve the situation. Last,
water use may have tremendous environmental impact in
water-scarce countries and should not remain omitted in LCA.
These are examples of developments that can make future
assessments more comprehensive and more reliable.
� An LCA can include several methodological choices which are

uncertain and may potentially influence the results. Examples
include allocation methods and time limits for the Inventory
Analysis, and choices of characterisation methods for the Impact
Assessment. Questions related to system boundaries and meth-
odological choices are common for all systems analysis tools, and
the lack of a ‘‘right’’ answer can sometimes be problematic.
However, two trends are very instrumental in this respect. The
first is the increased understanding of the connections between
the aims of the study, the questions being asked and the choices
made. For example, if the aim of a study is to assess the conse-
quences of a choice, the data used and the system boundaries
chosen should reflect these consequences. The data and system
boundaries used can then be discussed and assessed in relation
to their appropriateness for this specific aim. In such situations,
some data and system boundaries will be more appropriate and
therefore the uncertainty due to methodological choices is
reduced. Another trend is the harmonization and consensus
building that has occurred and is still ongoing. This is largely
based on a scientific discussion on what from a scientific point of
view is regarded as the most appropriate choices. For the Impact
Assessment this includes the work on developing best practice.
The developments for human and ecotoxicity is here of special
interest. The recent developments for abiotic resources may also
lead to an increased harmonization.
� For all quantitative methods, including LCA, different types of

uncertainties are an important issue. The development of tools
to properly handle the uncertainty was described above. A
special type of uncertainty is related to lack of knowledge on
the actual system to be studied. This is the case, for example,
for future systems, since the future is inherently uncertain. The
systematic use of different types of scenarios can be instru-
mental in handling this type of uncertainty. The development
of generic future scenarios that can be used in different studies
could help in studying the possible influence on the results in
particular studies from different possible developments.
� The world is multi-dimensional. This means that sometimes

different aspects have to be weighted and valued against each
other. There has sometimes been reluctance to discussing
weighting methods within the LCA standardization and
harmonization working groups. This is understandable from
the point of view that the values cannot be harmonized and
there is no way we can find out which values are ‘‘right’’, from
a scientific point of view. However, methods and data used in
the weighting methods can and should be discussed and
evaluated for consistency by scientific methods. The develop-
ment of weighting methods to be used in LCA has benefited
from developments within environmental economics and
multi-criteria decision analysis. It is also important that
weighting methods for LCA continue to be published in the
scientific literature after normal review processing for
increased credibility and check of data and methods.

The growing confidence in LCA and life cycle thinking is illustrated
in its increased use in different parts of the society, and enhanced
through the development of recommendations by authoritative

bodies. Industry has used LCA for a long time both for decision-
making and learning (e.g., Berkhout and Howes,1997; Hansen,1999;
Frankl and Rubik, 2000). However, there are some new trends in
applications emerging. One is the interest in life cycle thinking from
retailers. This is illustrated by, e.g., Wal-Mart who set up targets for
reduced environmental impacts of products they are selling and
require life-cycle related information from their suppliers (Wal-Mart,
2007, 2008). Additionally, sales of LCA software tools increased
tremendously due to a rising demand in life-cycle-related environ-
mental information over the last years (Pré Consultants, 2008).

Another trend is the increased use of LCA and promotion of life
cycle thinking on a policy level. For example, life cycle thinking is an
important element of European environmental policy. In June 2003,
the European Commission’s Integrated Product Policy (IPP)
Communication (European Commission, 2003) aimed at improving
the environmental performance of products (both goods and
services) throughout their life cycles (‘‘cradle to grave’’), commit-
ting to several activities to promote LCA and to help address
political as well as scientific barriers that exist. In December 2005,
the important role of life cycle thinking was further strengthened in
the Commission’s Thematic Strategies on the Sustainable Use of
Natural Resources (European Commission, 2005a) and on the
Prevention and Recycling of Waste (European Commission, 2005b).
In 2008, these activities are being further strengthened through the
Sustainable Consumption and Production Action Plan (European
Commission, 2008c). Another example is the proposal for a direc-
tive on the use of energy from renewable sources (European
Commission, 2008a) where savings of greenhouse gas emissions
from the use of renewable fuels are to be calculated with a clear
life-cycle perspective. On the national level, such legislation is
already in place in some countries as well as other examples
addressing emerging issues of high political concern. For instance,
a new law in Switzerland requires a complete LCA of biofuels in
order to quantify the fuel tax to be paid.

From a methodological perspective, the combination of IOA
and LCA is promising to complement LCA applications for macro-
level policy support. Recent research studies in connection with
IPP helped broaden the areas of LCA type applications, identifying
which sectors may have the highest environmental impacts.

Hybrid IOA-LCA is one example of how LCA can be combined
with other environmental systems analysis tools. Other examples
are the use of monetary weighting methods in combination with
Cost-Benefit Analysis and Life Cycle Costing (e.g., Carlsson Reich,
2005) and the combination of LCA and Strategic Environmental
Assessment (SEA). The latter is a procedural tool for assessing
environmental impacts of plans, policies, and programs. LCA may
be used as an analytical tool within the framework of SEA (Nilsson
et al., 2005; Salhofer et al., 2006).

While there have been many achievements, including, for
example, the international standards on LCA (ISO, 2006a,b), and
LCA is recognized as the best tool for assessing the life cycle impacts
of products, there are still barriers that inhibit the broader imple-
mentation of life cycle thinking (European Commission, 2003).
Some of these barriers may be reduced with further research.
Referring to the discussions on attributional and consequential, the
handling of time, space, and economic and social issues in LCA, it
has become clear that there is a need for structuring the varying
fields of LCA and drafting specific research programs for this. The
EU 6th Framework Co-ordination Action CALCAS (2009) aims to
achieve this.

A wealth of methods and data is available, and government
bodies as well as international business representatives feel that
there is a need for guidance on what to use and when. For this
purpose, several international activities have been initiated
including the UNEP/SETAC Life Cycle Initiative (UNEP, 2002) and
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the International Reference Life Cycle Data System (ILCD) (Euro-
pean Commission, 2008b). The ‘‘Life Cycle Initiative’’ has also been
instrumental in supporting LCA activities in emerging economies.
This is important since increasing environmental impacts occur in
quickly growing economies. Life-cycle thinking in all countries is
important to avoid shifting of burdens between countries and
impacts. Urgent action in many countries is critical for sustainable
development. Supporting the development and dissemination of
practical and quality-assured LCA tools worldwide is thus an
important path to follow.

11. Conclusions

Environmental considerations need to be integrated in many
types of decisions. This includes decisions related to goods and
services. In order to do that, knowledge must be available. When
studying environmental impacts of products and services it is vital
to study these in a life cycle perspective, in order to avoid problem-
shifting from one part of the life-cycle to another, from one
geographical area to another. It is also important to make a
comprehensive assessment in terms of environmental problems in
order to avoid problem-shifting from one area of environmental
concern to another. Life Cycle Assessment aims at making a
comprehensive assessment of the environmental impacts of
products and services in a life-cycle perspective.

The LCA methodology has developed and somewhat matured
during the last decades. Current activities regarding databases,
quality assurance, consistency, and harmonization of methods
contribute to this. It is also interesting to note the development of
new application areas indicating the need to assess and commu-
nicate environmental impacts of products.

The review presented in this paper indicates several areas
where the development has been strong during the last years.
These include a better understanding of the difference between
attributional and consequential LCA, methods for hybrid IOA-LCA,
better models for impact assessment, and databases for the
inventory analysis. There are at the same time several areas where
further development would be useful. Examples of such areas
include further development of tools for consequential LCA, of
methods for assessment of impacts on ecosystem services from
land use and impacts from water use, and weighting methods.
Further development and maintenance of databases should also be
a prioritised area.
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und – verarbeitung. Deutsches Kupferinstitut, Düsseldorf.
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www. ecoinvent.org>.

Ehrenfeld, J.R., 1998. The importance of LCA – Warts and all. J. Ind. Ecol 1 (2), 41–49.
Ekvall, T., 1999. System Expansion and Allocation in Life Cycle Assessment. Ph.D.

Thesis, Chalmers University of Technology, Gothenburg, Sweden.
Ekvall, T., 2000. A market-based approach to allocation at open-loop recycling.

Resour. Conserv. Recycling 29 (1–2), 93–111.
Ekvall, T., Andrae, A., 2006. Attributional and consequential environmental

assessment of the shift to lead-free solders. Int. J. LCA 11 (5), 344–353.
Ekvall, T., Finnveden, G., 2001. Allocation in ISO 14041 – a critical review. J. Cleaner

Prod 9, 197–208.
Ekvall, T., Weidema, B.P., 2004. System boundaries and input data in consequential

life cycle inventory analysis. Int. J. LCA 9 (3), 161–171.
Ekvall, T., Tillman, A.-M., Molander, S., 2005. Normative ethics and methodology for

life cycle assessment. J. Cleaner Prod 13 (13–14), 1225–1234.
Ekvall, T., Mattsson, N., Münter, M., 2006. Consequential modelling of Vistar

combustion: a feasibility study. In: Abstracts – 16th Annual Meeting of SETAC –
Europe, The Hague, The Netherlands, May 2006, p. 281.

Elkington, J., 1998. Cannibals with Forks – The Triple Bottom Line of 21st Century
Business. New Society Publishers, Canada.

Eriksson, O., Frostell, B., Björklund, A., Assefa, G., Sundqvist, J.-O., Granath, J.,
Carlsson, M., Baky, A., Thyselius, L., 2002. ORWARE – a simulation tool for waste
management. Resour. Conserv. Recycling 36, 287–307.

Eriksson, O., Finnveden, G., Ekvall, T., Björklund, A., 2007. Life Cycle Assessment of
fuels for district heating: a comparison of waste incineration, biomass- and
natural gas combustion. Energy Policy 35, 1346–1362.

European Commission, 2003. Integrated Product Policy Communication. COM
(2003) 302 final.

European Commission, 2005a. Thematic Strategy on the Sustainable Use of Natural
Resources. COM (2005) 670 final.

European Commission, 2005b. Thematic Strategy on the Prevention and Recycling
of Waste. COM (2005) 666 final.

European Commission, 2007a. European Commission, Directorate General Joint
Research Centre (JRC), European Reference Life Cycle Database (ELCD). <http://
lca.jrc.ec.europa.eu/lcainfohub/>.

European Commission, 2008a. Proposal for a Directive of the European Parliament
and of the Council on the Promotion of the Use of Energy from Renewable
Sources, Version 15.4. Commission of the European Communities, Brussels.

European Commission, 2008b. European Platform on Life Cycle Assessment.
<http://lca.jrc.ec.europa.eu/>.

European Commission, 2008c. Sustainable Consumption and Production Action
Plan (SCP). COM (2008), 397. <http://ec.europa.eu/environment/eussd/escp_en.
htm>. final.

Fava, J., Consoli, F., Denison, R., Dickson, K., Mohin, T., Vigon, B. (Eds.),1993. A Conceptual
Framework for Life Cycle Impact Assessment. SETAC Press, Pensacola, FL.

FEFCO, 2006. European Federation of Corrugated Board Manufacturers (FEFCO).
European Database for Corrugated Board – Life Cycle Studies, FEFCO, Brussels,
Belgium.

Finnveden, G., 1997. Valuation methods within LCA – where are the values? Int. J.
LCA 2, 163–169.

Finnveden, G., 2000. On the limitations of life cycle assessment and environmental
systems analysis tools in general. Int. J. LCA 5, 229–238.

Finnveden, G., 2005. The resource debate needs to continue. Int. J. LCA 10, 372.
Finnveden, G., 2008. A world with CO2-caps. Electricity production in consequential

assessments. Int. J. LCA 13, 365–367.
Finnveden, G., Moberg, Å, 2005. Environmental systems analysis tools – an over-

view. J. Cleaner Prod. 13, 1165–1173.
Finnveden, G., Nilsson, M., 2005. Site-dependent life cycle impact assessment in

Sweden. Int. J. LCA 10, 235–239.
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